The photolysis of chlorine by ultraviolet radiation (UV/chlorine) produces HO˙ and Cl˙, part of which further transforms into reactive chlorine species (RCS) like Cl 2˙− and ClO˙. These radicals are responsible for the advanced oxidation effect of UV/chlorine processes. Recently, UV/chlorine processes gather much attention from researchers and practitioners and published papers on UV/chlorine processes have drastically increased, which were thoroughly reviewed in this paper for understanding the state of the art of these technologies. Fundamental studies elucidate that acidic conditions are favorable to UV/chlorine processes through a change in quantum yield of chlorine photolysis, equilibrium shifts of radical species, and a change in radical scavenger effect of free chlorine. Comparative studies reveal that UV/chlorine processes are usually more energy-efficient than UV/hydrogen peroxide and UV/ persulfate processes. Although unfavorable byproducts formation by RCS reactions is apprehended, application researches in real waters show that UV/chlorine processes do not enhance disinfection byproducts formation very much. Since UV irradiation and chlorination are widely used unit operations, a barrier to install an UV/chlorine process into a conventional process is not high. It is desired to develop and optimize a whole process combined with other unit processes for maximizing benefits in water treatment in the future.
INTRODUCTION
Chemicals registered in Chemical Abstract Service (CAS) of American Chemical Society have increased exponentially and reached over 100 million in 2015. These chemicals support our convenient and comfortable life. However, parts of chemicals are toxic and registered for aggregating their release to the environment. For instance, Japanese government built a pollutant release and transfer register (PRTR) system in 2001, in which 462 chemicals are registered (checked on January 12th, 2019). Organic chemicals registered in the PRTR system contain biochemically and/or chemically persistent ones, which are difficult to be efficiently removed from water streams by conventional wastewater treatment processes like activated sludge processes and coagulation processes.
Advanced oxidation processes (AOPs) were firstly defined by Glaze et al. as processes involving the generation of hydroxyl radicals (HO˙) in sufficient quantity to affect water purification [1] . But, nowadays the word "AOPs" is widely used as chemical oxidation processes using strong oxidants of sulfate radical (SO 4˙− ), chlorine atom (Cl˙), and so on in addition to HO˙. According to strong oxidants AOPs are promising processes for degrading biochemically and/or chemically persistent organic compounds. There are many kinds of AOPs proposed. Among them, the Fenton process, ozone-based AOPs like ozonation with hydrogen peroxide addition (O 3 /H 2 O 2 ), and ultraviolet (UV) irradiation-based AOPs like UV photolysis of hydrogen peroxide (UV/H 2 O 2 ) are the most popular in practical applications [2] . Although AOPs are effective in eliminating persistent organic pollutants, they also have a few disadvantages of plenty of iron sludge generation in the Fenton process, higher investment of ozonizer and peripheral equipment, higher chemical cost of hydrogen peroxide, etc.
Recently, UV photolysis of chlorine (UV/chlorine) gathers much attention from researchers and practitioners as a new AOP. UV/chlorine AOPs involve unit processes of chlorination and UV irradiation, which are the most popular disinfection processes. Therefore, UV/chlorine AOPs have an advantage of easy installation into conventional processes, because the technical know-how of managing chlorination and UV irradiation facilities has been already established. Two hundred and eighteen journal articles were found from the SCOPUS database with search words of "UV", "chlorine", and "advanced oxidation" (accessed on January 12th, 2019). After papers not related to UV/chlorine AOPs were omitted manually from the found articles, 77 papers finally remained. The number of papers published every year is summarized in Fig. 1 . This figure clearly shows that the number of papers on UV/chlorine AOPs rapidly increased from 2016. Thus, UV/chlorine processes are new AOPs and scientific and technical knowledge has been rapidly accumulated in late years. In this paper published articles related to UV/chlorine AOPs are thoroughly reviewed for elucidating the state of the art of these technologies.
ADVANCED OXIDATION MECHANISM

Photolysis of chlorine
Greenish-yellow fumes of chlorine had been already known in the 13th century, though the name of "chlorine" was proposed by Davy in the early 19th century [3] . The bleaching properties of chlorine were intensively studied Fig. 1 The number of published papers on UV/chlorine AOPs every year. Papers related to UV/chlorine AOPs were manually picked up from journal articles found in SCOPUS database with search words of "UV", "chlorine", and "advanced oxidation". The database was accessed on January 12th, 2019.
by Berthollet in the late 18th century [3] . He also found that light irradiation to chlorine water produced oxygen and hydrochloric acid [4] . Figure 2 shows absorption spectra of hypochlorous acid (HOCl) and hypochlorite ion (ClO − ) [5] . Absorption bands of both species are in the range of UV region, but are quite different each other; HOCl has two absorption peaks at 237 nm with molar extinction coefficient (ε) of 102 M −1 cm −1 and 289 nm with ε of 36.1 M −1 cm −1 , whereas ClO − has a strong absorption peak at 292 nm with ε of 378 M −1 cm −1 and does not show strong absorption around 230 nm. Thus, UV light is preferable for photolysis of chlorine. After Peter Cooper Hewitt invented a low-pressure mercury lamp in 1900 [6] many papers have been published on photolysis of chlorine using Cooper-Hewitt quartz mercury lamps. Interestingly, the ε of HOCl at the emission line of low-pressure mercury vapor lamp like Cooper-Hewitt quartz mercury lamp almost accords with that of ClO − ; namely 62 M −1 cm −1 at 254 nm. Allmand et al. discussed the photochemical reaction of chlorine water in a systematic fashion using a Cooper-Hewitt lamp and proposed that HOCl were photolyzed into hydrochloric acid and oxygen atom [7, 8] . However, this photochemical reaction was revised in a follow-up paper as follows [9] :
HOCl + hν → HO˙ + Cl˙ − 55 kcal (1)
Thomsen, Madsen, and co-workers investigated femtosecond photolysis of HOCl at 250-330 nm and confirmed the reaction (1) [10, 11] . They mentioned that the O-H bond length in HOCl is very close to that in HO˙ and consequently photolysis of HOCl by UV light below 340 nm produces HO˙ + Cl˙. Thus, the molar yield of active radicals, namely HO˙ and Cl˙ in the photolysis of HOCl is 2 mol-active radicals/ mol-HOCl.
In ClO − Young and Allmand suggested a following photochemical reaction [9] .
ClO − + H 2 O + hν → HO˙ + Cl˙ + OH − − 64 kcal (2) Buxton and Subhani investigated the photolysis of ClO − carefully by flash photolysis techniques and identified the following photochemical reactions [12] .
ClO − + hν → Cl˙ + O˙− (4)
They observed that the reactions (3) and (4) were primary reactions at 365 nm, whereas the quantum yield of reaction (3) was 3.5 times higher than that of reaction (4) . In contrast, three reactions were significant below 320 nm; the quantum yield ratio of reactions (3), (4) , and (5) was 1.0:1.7:0.27 at 313 nm and 1.0:3.8:1.8 at 253.7 nm, respectively. Active oxygen species of oxygen anion radical (O˙−) and singlet oxygen (O ( 1 D)) take part in the following reactions.
O˙− + H 2 O ↔ HO˙ + OH − (6) O( 1 D) + H 2 O → H 2 O 2 (7) Since hydrogen peroxide (H 2 O 2 ) is further photolyzed and produces two HO˙ [13] , the photolysis of ClO − through reactions (4) and (5) is proved to produce two active radicals; 2HO˙ or HO˙ + Cl˙. According to these chain reactions, the reaction (2) is proved to be an overall reaction of reactions (4) and (6) . When a solution contains dissolved oxygen (O 2 ), triplet oxygen (O ( 3 P)) reacts with O 2 and produces ozone (O 3 ) [12] .
Since UV photolysis of O 3 produces two HO˙ through photochemically produced H 2 O 2 [14] , the photochemical reaction (3) followed by reaction (8) also produces two HO˙ from ClO − . However, O ( 3 P) also reacts with excess ClO − as follows [12] :
Therefore, the overall molar yield of active radical species will be lower than 2 mol-active radicals/mol-ClO − , especially at the UV light above 320 nm. 
Reactive radical species
As described in "Photolysis of chlorine" section, primary radicals in UV/chlorine AOPs are HO˙ and Cl˙. The former has standard electrode potentials of 2.73 V vs. NHE (normal hydrogen electrode) in acid and 1.90 V vs. NHE in alkali, and the latter has a standard electrode potential of 2.20-2.60 V vs. NHE [15] . Thus, both radicals are strong oxidants. However, HO˙ and Cl˙ react with excess free chlorine and chloride ion (Cl − ), and produce secondary radicals of chlorine oxide radical (ClO˙), chloro-hydroxide anion radical (ClOH˙−), and dichlorine radical (Cl 2˙− ) [16] , whose standard electrode potentials are 1.41-1.8, 1.90, 2.09-2.30 V vs. NHE, respectively [15, 17, 18] . An example of radical reaction scheme in UV/chlorine AOPs is depicted in Fig. 3 and related reactions are listed in Table 1 [19] . Although the standard electrode potential of ClO˙ is lower than others, the chlorine derivative radicals of Cl˙, ClO˙, ClOH˙−, Cl 2˙− , etc. are called "reactive chlorine species (RCS)" that are also responsible for advanced oxidation by UV/chlorine processes [20] [21] [22] [23] . However, the reactivity of each radical species is thought to be different from others. Therefore, it is important to elucidate the reactivity of each radical species with chemical compounds for understanding the efficacy of UV/chlorine AOPs. Table 2 summarizes reaction rate constants of HO˙, Cl˙, ClO˙, and Cl 2˙− with some chemicals reported in literatures [18, [24] [25] [26] [27] [28] [29] [30] [31] [32] . HO˙ has second-order reaction rate constants with approximately 10 9 -order level regardless of saturated compounds or benzene derivatives. Cl˙ shows also high reaction rate constants coequal to HO˙ except 1,4-dioxane, acetone, and nitrobenzene. ClO˙ and Cl 2˙− slowly react with saturated compounds of alcohol, ketone, and carboxylic acid with 10 6 -order rate constants or below. On the contrary, the RCS, especially ClO˙, react with benzene derivatives more rapidly with 10 6 -order or higher rate constants than saturated compounds. Thus, the RCS seem to be selective oxidants favorable to aromatic compounds. Among benzene derivatives, nitrobenzene particularly shows low reactivity with RCS. Figure 4 shows Löwdin charge of each carbon in benzene derivatives, which were calculated by ab initio method with GAMESS (18Aug2016R1) [33] . When nitro group is added to benzene, charges of carbons in aromatic ring are shifted toward positive side. Since HO˙ and RCS act as electrophilic reagents, the positive shift of carbon charge by nitro group addition is thought to be one of reasons of the less reactivity of nitrobenzene with RCS. Guo et al. studied the degradation of 34 pharmaceuticals and personal care products (PPCPs) by an UV/chlorine AOP and also stated [19] is partially revised. Boxes depict primary radicals produced by photolysis of chlorine. [24] 6.0×10 8 [24] 1.0×10 9 [32] 1.7×10 9 [32] 1.5-3.2×10 9 [30] 6.2×10 8 [32] ---1.3×10 7 [31] 3.5×10 3 [25] 4.5×10 4 [25] 1.2-1.9×10 5 [25] 0 [26] Aldehyde formaldehyde [24] 5.9×10 9 [24] 5.0×10 9 [24] 7.0×10 9 [24] 7.0×10 9 [24] 6-12×10 9 [28] 0 that RCS show relatively high reactivity with olefins and benzene derivatives and electron-donating groups promote the attack of benzene derivatives [23] . HO˙ is known as a non-selective electrophilic reagent. Minakata et al. classified the reaction mechanisms of oxidation by HO˙ as follows: H-abstraction, HO˙ addition to alkenes, HO˙ addition to aromatic compounds, and HO˙ interaction with sulfur-(S-), nitrogen-(N-), or phosphorus-(P-) containing compounds [34] . They also developed a group contribution method to predict aqueous phase HO˙ reaction rate constants. In this method an augmentation effect of each group on the rate constant is expressed by a group contribution factor. As a result, stronger contributors to HO˙ reaction, namely functional groups with group contribution factor above 1, are as follows: -CH 3 , -CH 2 , >CH-, and >C< for Habstraction, none for HO˙ addition to alkenes, -NH 2 , -OH, -NH-, and -O-for HO˙ addition to benzene derivatives, -OH and -NH 2 for pyridine derivatives, -alkane and-O-for furan derivatives, -N<, -NH, and -alkane for imidazole derivatives, -NH 2 and -S-for triazine derivatives, and -N-CO-, -S-, -SS-, -HS-, -NH 2 , -NH-, -N< for S-, N-, and P-atom containing compounds.
On reaction mechanisms of Cl˙ Buxton et al. discussed the reactivity of Cl˙ with oxy-organic compounds like acids, alcohols, aldehydes, and ketones in aqueous solution and concluded that the main mechanism of oxidation by Cl˙ is preferential attack at O-H groups in neutral molecules and electron transfer in anions [32] . Minakata et al. suggested that Cl-adduct formation as well as H-abstraction is a major mechanism of oxidation by Cl˙ [30] . Ezell et al. reported the reactivity of Cl˙ with alkenes in gas phase and two oxidation mechanisms were proposed; the addition of Cl atom to double bond and abstraction of an allylic hydrogen atom, whereas the latter is slower than that of the analogous alkyl hydrogen atoms in alkanes [35] .
On Cl 2˙− Hasegawa and Neta discussed the reactivity of Cl 2˙− with various organic compounds [36] . The main mechanisms of oxidation by Cl 2˙− are the H-abstraction for aliphatic compounds, Cl atom addition for olefinic compounds, and Cl atom addition to aromatic rings and the direct oxidation by electron transfer for aromatic compounds.
Information on reaction mechanism of ClO˙ is relatively limited compared with other RCS. Kong et al. reported that degradation of gemfibrozil by ClO˙ is initiated by hydroxylation and chlorine substitution on the benzene ring [37] . Alfassi et al. discussed the kinetics of ClO˙ and suggested that ClO˙ abstracts an electron from an organic compound and produces an organic radical like equation (10) , but H-abstraction or addition reaction is difficult to occur [18] .
Phenoxide ion C 6 H 5 O − + ClO˙ → C 6 H 5 O˙ + ClO − (10) Since ClO˙ is produced from ClO − or HOCl through reactions with HO˙, Cl˙, or Cl 2˙− , namely R 1 , R 2 , or R 3 in Fig. 3 and Table 1 , ClO˙ acts as a mediator.
Recently, it was found that reaction rate constants of HO˙ and chlorine-derived radicals are linearly correlated with theoretically calculated free energies of activation [30, 38] . Such a computational chemistry approach will be useful for a deeper understanding of reactivity of reactive radical species in UV/chlorine AOPs. An example of the application of this approach to an UV/chlorine AOP is reported using acetone as a model pollutant [39] .
Contribution of each radical species
As is described before, HO˙ and RCS are main contributors to chemical oxidation by UV/chlorine AOPs. The contribution of each reactive species depends on not only its reactivity with chemical compounds but also its concentration in a reactor. The contribution of reactive species can be determined by a chemical probe method under a steady-state assumption. For instance, in order to evaluate the contribution of HO˙ and RCS to degradation of pollutant, it is enough to add two chemical probes into the UV/chlorine reactor where following equations are established.
( )
( ) The steady-state concentrations of HO˙ (C HO˙) and RCS (C RCS ) are obtained by solving equations (12) and (13) under the assumption of steady state. Then, the contribution of HO˙ (P HO˙) and RCS (P RCS ) to the degradation of pollutant is determined by follows:
'
Some researchers applied this method for UV/chlorine AOPs to estimate the contribution of reactive species [20, 23, 31, 37, 40] . However, the addition of chemical probes affects both the degradation rate of pollutant and the steadystate concentration of reactive species through competitive consumption of reactive species. Therefore, this method is not applicable to evaluating the contribution of reactive species in a practical application exactly.
The second approach to evaluate the contribution of reactive species is a chemical equilibrium method under the assumption of instantaneous equilibrium. In this method the concentration ratios among reactive species are obtained by the law of mass action. For instance, when the reaction scheme of UV/chlorine AOP is depicted in Fig. 3 , chemical equilibrium among reactive radical species of HO˙, Cl˙, Cl 2˙− , and ClOH˙− is formulated using equilibrium constants of K 1 , K 2 , and K 3 for chemical equilibrium of E 1 , E 2 , and E 3 , respectively, as follows:
The radical concentration ratios are determined by solving these equations as follows: 
Thus, the radical concentration ratios depend on Cl − concentration and pH. Figure 5 shows the dependency of abundance of each radical to total radical concentration on Cl − concentration and pH estimated by the abovementioned chemical equilibrium method using equilibrium constants of K 1 , K 2 , and K 3 shown in Table 1 . Figure 5 clearly shows Cl˙ and Cl 2˙− are favorable to acidic condition, whereas basic condition is preferable for ClOH˙− and HO˙. Although HO˙ and Cl˙ are primary radicals in UV/chlorine AOPs, the abundance of Cl˙ is relatively low; less than 0.01% at neutral pH. Domestic wastewater usually contains 200-500 mg/L of Cl − that is equivalent to 5.6-14 mM [41] . Accordingly, the abundance of HO˙, Cl˙, Cl 2˙− , and ClOH˙− in domestic wastewater at pH 7 is calculated to be in the range of 89-56, 0.010-0.016, 11-43, and 0.35-0.55% of total radicals, respectively. Thus, HO˙ and Cl 2˙− are thought to be abundant in UV/chlorine AOPs in a typical wastewater. When pollutants are assumed to react with HO˙, Cl˙, Cl 2˙− , and ClOH˙−, the contribution of HO˙ to the pollutant degradation, P HO˙, is determined using the radical concentration ratios as follows: 
The contribution of other species can be also determined by the similar manner. Kishimoto et al. applied this method to 1,4-dioxane degradation by an UV/electro-chlorine process under high Cl − concentration of 85.5 mM, and estimated that the contribution of HO˙, Cl˙, and Cl 2˙− to 1,4-dioxane degradation at pH 7 was 89.2, 0.003, and 10.8%, respectively, whereas the abundance of each radical was 0.88% for HO˙, 0.02% for Cl˙, and 99.1% for Cl 2˙− , because of a big difference in reaction rate constants of 1,4-dioxane with HO˙ and Cl 2˙− [19] . This method can apply to exploring a practical application without any chemical probe. However, available equilibrium constants reported in literatures contain various errors. Accordingly, the estimated results by this method also contain errors. For instance, the chemical equilibrium of E 4 instead of E 1 in Fig. 3 and Table 1 is used, the concentration ratio of Cl 2˙− to Cl˙ is estimated to be 40% of that using E 1 . As a result, the abundance of each radical is also changed as shown in Fig. S1 in Supplementary Material, though the overall pattern does not change.
The third approach is a kinetics modeling method, where mass balance equations involving chemical kinetics of every species observed in a reactor are formulated. The mass balance equations are then solved by a computer-aided numerical calculation or steady state analysis. This method is the strictest solution for evaluating the contribution of reactive species. Moreover, it can determine concentrations of reactive radical species. However, it requires a detail reaction Fig. 3 and Table 1 were used for calculation. scheme and a complete data set of reaction rate constants for a plenty of related reactions. Since available reaction rate constants contain various errors, the reliability of calculated results should be carefully discussed. Usually this method is available for evaluating concentrations of reactive radical species in order of magnitude level. Fang et al. used this method coupled with steady state analysis for analyzing the role of reactive species in an UV/chlorine system [16] . It should be noted that the aforementioned chemical equilibrium method is regarded as a derivative of the kinetics modeling method with steady state analysis.
BYPRODUCTS FORMATION
Chlorate and perchlorate
Chlorate ion (ClO 3 − ) is known as one of unfavorable disinfection byproducts (DBPs), which is produced through decomposition of HOCl and ClO − as follows [42] :
The equation (24) involves following two-step reactions.
In addition to the above pathways, ClO 3 − is produced through radical chain reactions. Kishimoto et al. summarized the chemical and photochemical reaction schemes related to oxychlorides [19] . They considered oxychlorides with the oxidation state from Cl (I) to Cl (VI), namely from ClO − to ClO 3˙. However, ClO 3˙ further causes a reaction with HO˙, ClO˙, or ClO 3˙ and finally produces perchlorate ion (ClO 4 − ) as follows [43] [44] [45] :
where R CXX corresponds to that in Fig. 6 and Table 1 .
Since UV/chlorine system involves free chorine, HO˙, and ClO˙, ClO 3 − and ClO 4 − formation is also apprehended.
Fundamental and applied studies on UV/chlorine processes revealed that formation of ClO 4 − during UV/chlorine treatment was negligible [12, 46, 47] . However, ClO 3 − is one of major products of chlorine photolysis. Buxton Wang et al. reported that 2-14% of free chlorine consumed was converted to ClO 3 − in full and pilot scale water purification plants using medium pressure mercury vapor lamp at pH 6.5-8.5 [47] . They also reported that chlorite ion (ClO 2 − ) derived from commercial sodium hypochlorite solution was decreased to less than 1% of initial concentration during UV/ chlorine treatment at chlorine dose of 10 mg/L. Commercial chlorine solution contains ClO 2 − , ClO 3 − , and ClO 4 − at 0.2, 1-15, and 0.001-0.01%-weight of free chlorine concentration, respectively [47] . Therefore, we should pay attention to the ClO 3 − formation during UV/chlorine treatment.
Chlorinated organic compounds
Chlorinated organic compounds like halomethanes (HMs), haloacetic acids (HAAs), haloacetonitriles (HANs), haloketones (HKs), halonitoromethanes (HNMs), haloacetamides (HAAms), and chloral hydrate (CH) are well known DBPs by chlorination [49, 50] and their formation in UV/chlorine AOPs is thereby apprehended. In fact some researchers reported that UV/chlorine AOPs produced trichloromethane (TCM) and chloroform (CF) in HMs, dichloroacetic acid (DCAA) and trichloroacetic acid (TCAA) in HAAs, dichloroacetonitrile (DCAN) and trichloroacetonitrile (TCAN) in HANs, dichloropropanone (DCP) and trichloropropanone (TCP) in HKs, chloronitoromethane (CNM), dichloronitoromethane (DCNM), and trichloronitromethane (TCNM) in HNMs, dichloroacetamide (DCAAm) and trichloroacetamide (TCAAm) in HAAms, and CH [20] [21] [22] 37, 47, [51] [52] [53] [54] [55] . Some comparative studies of UV/chlorine process with chlorination have been reported. Pisarenko et al. observed the enhanced formation of chloroacetic acids by UV/chlorine treatment of Colorado River water, though the observed concentration of total HAAs was far below the US EPA regulated maximum contaminant level [56] . Wang et al. reported that an UV/ chlorine treatment of Lake Simcoe water enhanced the formation of HAAs and HANs at a weak acidic condition of pH 6.5, though the enhancement effect was not observed during the treatment of St. Lawrence River water at pH 8.5 [47] . In synthetic water treatment, TCM and DCAA formation is constrained by UV/chorine treatment of carbamazepine, but TCAA, DCAN, and TCNM formation is enhanced [51] . An UV/chlorine AOP of phenacetin decreased total DBPs formation due to the reduction of TCM formation despite the enhanced formation of CH [54] . At post-chlorination stage, Lu et al. reported that post-chlorination with a chlorine dose of 1.0 mM following UV/chlorine pre-treatment of 0.05 mM clofibric acid solution with a chlorine dose of 1.0 mM did not produce DCAN, TCAN, HNMs, chloromethane and dichloromethane, but increased TCM formation [57] .
The formation mechanisms of chlorinated organic compounds are basically thought to be the same as those by chlorination, where electrophilic substitution reaction is the primary attack [58] . The difference in DBPs fraction between UV/chlorine AOPs and chlorination will be attributed to UV photolysis and radical reactions. For instance, cyanogen chloride formation from amino acids by UV/chlorine treatment is promoted by UV exposure of chlorinated imidazole and guanidine compounds that are byproducts of chlorination of amino acids [59] . TCNM formation from methylamines is inferred to involve a combination of radical oxidation and photo-enhanced chlorination reactions [60] .
N-Nitrosodimethylamine (NDMA)
N-Nitrosodimethylamine (NDMA) is produced through chloramination, ozonation, chlorination, and UV photolysis of nitrogenous organic compounds like amines or organic compounds coexistent with chloramine or nitrite [61] . An investigation of NDMA formation potential of wastewater effluents revealed that hydrophilic, low-molecular weight nitrogenous organic compounds with less than 1 kDa contained most of the precursors of NDMA [62] . The most important mechanism of NDMA formation is thought to be a dichloramine pathway, where a nucleophilic attack of unprotonated secondary amines on dichloramine forms unsymmetrical dialkylhydrazine intermediate, which is then oxidized to the corresponding nitrosamine [61] . In ozonation it was reported that hydroxylamine and dinitrogen tetroxide (N 2 O 4 ) are the critical species for NDMA formation [63] . The N 2 O 4 is produced through the combination of two nitrogen dioxides (NO 2˙) that are produced by an electron transfer from nitrite ion to HO˙. In UV/chlorine AOPs free chlorine is added to polluted water as a source of primary radicals of HO˙ and Cl˙. If the polluted water contains ammonium ions, the added free chlorines react with ammonium ions and form chloramines. Therefore, NDMA formation via the dichloramine pathway is expected during UV/chlorine AOPs of ammonium ion-or chloramines-containing water. In addition, the N 2 O 4 pathway will be also valid in UV/chlorine AOPs because of their HO˙ generation capability. Soltermann et al. observed NDMA formation by UV-C irradiation to pool water, which was enhanced by the addition of chloramine and chlorinated dimethylamine [64] . The enhanced formation of NDMA was hypothesized to occur via the reaction of nitric oxide or peroxynitrite with secondary aminyl radical, which are produced by the photolysis of monochloramine and chlorinated secondary amine. However, they also reported that the increase in UV dose decreased the NDMA formation. Sichel et al. reported that NDMA was not detected in UV/ chlorine treatment of synthetic wastewater similar to wastewater treatment plants (WWTP) effluents [65] . It is known that NDMA is directly photolyzed by UV light and produces dimethylamine and nitrite ion [66] . Accordingly, NDMA formation will not be a major byproduct of UV/chlorine AOPs.
INACTIVATION AND TOXICITY
Inactivation of microbes
Both of UV irradiation and chlorination are popular disinfection processes. Therefore, UV/chlorine AOPs are expected to be effective in disinfection. Rattanakul et al. discussed combination effects of UV and chlorine on inactivation of viruses [67] . As a result, the simultaneous application of UV irradiation and chlorination showed 2.3 times higher inactivation rate than the sum of inactivation rates by single application of UV irradiation and chlorination under the same UV fluence and chlorine dose, probably due to effect of radicals produced in UV/chlorine system. Li et al. reported the Bacillus subtilis spore inactivation by UV/ chlorine AOPs with UV light-emitted diodes (UV-LED) [68] . The chlorine dose of 4.0 mg-Cl 2 /L under the UV fluence of 125 mJ/cm 2 at pH 7 resulted in an additional 1.8-log and 1.5log inactivation of B. subtilis spore by using 265 and 280 nm UV-LED, respectively. It was experimentally confirmed that the enhancement effects were caused by HO˙ produced in the UV/chlorine system. Zhou et al. observed >2 log inactivation of Cryptosporidium parvum oocysts by solar photolysis of free chlorine at 8 mg-Cl 2 /L (CT value of 200 mg-Cl 2 ·min/L), whereas single applications of chlorination (CT value ≤832 mg-Cl 2 ·min/L) and solar irradiation achieved 0 and <0.5 log oocyst inactivation, respectively [69] . Thus, UV/ chlorine processes have a synergic effect on disinfection due to a contribution of reactive radical species. Inactivation of Microcystis aeruginosa by an UV/chlorine process was investigated by Sun et al. [70] . As a result, the UV/chlorine process successfully enhanced the inactivation of M. aeuginosa especially at the chlorine dose ≥1.0 mg-Cl 2 /L and was also effective in removing microcystin-LR released from M. aeruginosa. Furthermore, the UV/chlorine process improved the coagulation efficiency through improving zeta-potential of M. aeruginosa cells from −28.3 to −2.1 mV.
Crowe et al. discussed the antimicrobial efficacy of UV/ chlorine treatment against bacterial flora on lowbush blueberries, where UV light was irradiated to lowbush blueberries just after spraying 100 mg-Cl 2 /L of chlorinated water [71] . As a result, UV/chlorine treatment showed no synergistic effect on antimicrobial activity due to self-shadowing of lowbush blueberries against UV radiation. Thus, UV irradiation techniques are not effective in processing of particles. Table 3 summarizes applied results of several toxicity tests to UV/chlorine AOPs. Among various toxicity tests the luminescence inhibition test with Vibrio fischeri is most popular in UV/chlorine AOPs. The V. fischeri toxicity was decreased by UV/chlorine treatment in three researches [72] [73] [74] . However, an increase in toxicity was reported in the rest of three [21, 37, 40] . One of reasons of the discrepancy may be treatment time in UV/chlorine AOPs. In researches with reduction in V. fischeri toxicity, the treatment time was not shorter than 1 h [72] [73] [74] , whereas the treatment time was set at 13 min or shorter in the research with the increase in the toxicity [21, 37, 40] . In UV/chlorine AOPs chlorinated organic byproducts are temporally produced. Accordingly, the toxicity will increase with the formation of toxic byproducts. However, part of them are decomposed by a prolonged operation of UV/chlorine process [21, 53, 60] , which will result in a decrease in toxicity. In fact, a temporal increase and following decrease in V. fischeri toxicity was observed in all researches where a negative effect of UV/chlorine treatment on the toxicity removal was reported [21, 37, 40] .
Toxicity
Among other toxicity tests a negative effect of UV/chlorine treatment was only reported in the luminescence inhibition test using a luminescent bacterium Q67 [54] . In this research the inhibition rate peaked at 10 min treatment and then decreased. Thus, the situation was similar to the case of aforementioned V. fischeri toxicity.
In conclusion, toxicity of wastewater may be temporally increased by UV/chlorine treatment with an insufficient treatment time. However, a prolonged treatment will [72] oil sands process-affected water Solar UV/chlorine 49-66% reduction by 7 h treatment [73] trimethoprim UV/chlorine increase in inhibition (8 → 31%) by 7 min treatment, but lower than chlorination alone (52%) [21] gemifibrozil UV/chlorine increase in inhibition (5 → 15%) by 13 min treatment, but lower than UV alone (31%) [37] imidacloprid (IMD) thiacloprid (THIA)
UV/chlorine 58 and 47% reduction by 1 h treatment for IMD and THIA, respectively
naproxen UV/chlorine increase in inhibition (46 → 57%) by 12 min treatment [40] luminescence inhibition (Photobacterium phosphoreum)
benzalkonium chloride UV/chlorine 91% reduction by 2 h treatment lower than chlorination alone [53] luminescence inhibition (Q67) phenacetin UV/chlorine increase in inhibition (9 → 23%) by 20 min treatment, but lower than chlorination alone (45%) [54] respiration inhibition (Escherichia colli) 5,5-diphenylhydantoin UV/chlorine decrease to non-toxic level by 10 min treatment lower than chlorination alone [141] cytotoxicity (human hepatoma cells (Hep3B)) microcystin-LR UV/chlorine 7-37% increase in viability against UV or chlorination alone [142] Protein phosphatase inhibition assay microcystin-LR UV/chlorine 75.0% decrease for 10 min treatment [94] whole effluent toxicity (Ceriodaphnia dubia) trichloroethylene in groundwater UV/chlorine almost no toxicity [143] estrogenic activity (E-screen assay)
WWTP effluent MP-UV/chlorine >97% removal at chlorine dose >5 mg/L [48] improve the toxicity of treated water. Thus, optimization of the operational condition is important for toxicity control by UV/chlorine AOPs.
INFLUENTIAL FACTORS
Effect of pH
Many researchers have observed that acidic pH is better for UV/chlorine AOPs on removing organic pollutants such as amitriptyline hydrochloride [75] , benzalkonium chloride [53] , caffeine [31] , chloramphenicol [22] , diethyltoluamide [31] , 1,4-dioxane [5] , iodoform [76] , methyl salicylate [75] , metronidazole [31] , nalidixic acid [31] , naproxen [40] , neonicotinoid insecticides [74] , nitrobenzene [77] , 2-phenoxyethanol [75] , ronidazole [78] , and taste and odor compounds [79] . Three mechanisms, namely a change in quantum yield of chlorine photolysis, equilibrium shifts of radical species, and radical scavenger effects of HOCl and ClO − , are mainly responsible for the pH dependence of the performance of UV/chlorine AOPs.
Fang et al. reported that the quantum yields of HOCl and ClO − photolysis at 254 nm were 1.45 and 0.97, respectively [16] . Since pKa of HOCl is 7.44 [80] , the quantum yield increases with decreasing pH and thereby HO˙ and Cl˙ formation by chlorine photolysis is enhanced in acidic pH.
The primary radicals in UV/chlorine AOPs are HO˙ and Cl˙ (Eq. (1) or (2)). Parts of these radicals are transformed into other radicals such as ClOH˙− and Cl 2˙− according to the law of mass action as illustrated in Fig. 3 . Since the reaction scheme in Fig. 3 involves OH − and H + , the composition of radical species depends on pH. As is shown in Fig. 5 , lower pH is suitable for RCS, whereas higher pH is preferable for HO˙. A shift in the composition of radical species changes the performance of UV/chlorine AOPs, because reactivity of organic pollutants depends on radical species. Surface and ground water usually contain Cl − at the concentration less than 2 mM. Assuming 1 mM of Cl − concentration, molar fractions of HO˙, Cl˙, ClOH˙−, and Cl 2˙− are calculated to be 2.5, 0.51, 0.02, and 97.0% at pH 3, 71.7, 0.14, 0.05, and 28.1% at pH 5, and 99.5, 0.002, 0.07, and 0.39% at pH 7, respectively, by the chemical equilibrium method (Eq. (19-21) ). Thus, it is expected that the relative contribution of HO˙ decreases at acidic pH, if pollutants are reactive with RCS. However, some researches show that contributions of both HO˙ and RCS increase with a decrease in pH [31, 37, 40, 79] . This discrepancy can be explained by the radical scavenger effect of ClO − [5, 16, 40, 77, 79] . Since reaction rate constants of ClO − with HO˙, Cl˙, and Cl 2˙− are higher than those of HOCl (Table 1) , the radical scavenging effect of free chlorine is stronger in basic pH than in acidic pH. Consequently, total radical concentration in acidic solution is higher than in basic solution. This fact indicates that excessive addition of free chlorine into an UV/chlorine reactor is disadvantageous to its advanced oxidation performance and thereby the optimization of free chlorine feed system is very important in the process design.
Reverse responses of the performance of UV/chlorine AOP to pH are sometimes observed. In the case of trimethoprim, ClO˙ plays the most important role in the degradation [21] , whose formation is enhanced under basic condition through reactions R 1 , R 2 , and R 3 in Table 1 . In the case of phenolic compounds of salbutamol, ractopamine, and bisphenol A, these chemicals are transformed into the corresponding phenoxides with increasing pH, which are richer in electrons and more reactive with RCS [23] . Paracetamol degradation is also enhanced at pH higher than 7.0 due to higher reactivity of ClO − with paracetamol than that of HOCl [81] . Thus, both dissociation processes and selectivity of reactive species reactions with a pollutant also influence the pH dependency of the performance of UV/chlorine AOPs.
Effect of chlorine dose
Free chlorine is a source of reactive radical species produced in UV/chlorine system. Accordingly, it is expected that an increase in chlorine dose enhances pollutant degradation through augmentation of radical production. In fact, some researchers reported that the degradation of carbamazepine, methylene blue, and trimethoprim were enhanced by an increase in chlorine dose [21, 51, 82, 83] . However, free chlorine acts as a radical scavenger by reactions of R 1 , R 2 , and R 3 in Table 1 and Fig. 3 , which produce ClO˙. Accordingly, an excessive addition of free chlorine may inhibit pollutant degradation. Chan et al. observed that degradation rate of cyclohexanoic acid was enhanced with an increase in chlorine dose till 1.55 mM, but decreased under higher chlorine doses in the range of 1.55-7.5 mM [82] . The decrease in the degradation rate at the chlorine dose higher than 1.55 mM was inferred to attribute to the radical scavenging effect of ClO − . Wu et al. reported that the concentration of ClO˙ increased linearly with an increase in chlorine dose, whereas the concentrations of HO˙ and carbonate anion radical (CO 3˙− ) almost kept unchanged [31] . As a result, the degradation rate of ClO˙-reactive pollutants of caffeine and nalidixic acid were linearly enhanced with chlorine dose. The similar increase in ClO˙ contribution to trimethoprim degradation with chlorine dose was also observed [21] . Thus, ClO˙ produced through reactions of R 1 , R 2 , and R 3 will mainly contribute to the enhancement of pollutant degradation rate with an increase in chlorine dose. In evidence, degradation rates of ClO˙-unreactive pollutants of metronidazole and diethyltoluamide were not enhanced by an increase in chlorine dose [31] .
Effect of halide ion
An increase in Cl − concentration promotes Cl 2˙− formation from Cl˙ and HO˙ through chemical equilibriums of E 1 , E 3 , and E 4 in Fig. 3 and Table 1 . Therefore, performance of UV/ chlorine AOPs may be influenced by Cl − concentration. Lu et al. observed that clofibric acid degradation was partially inhibited by addition of Cl − at not less than 25 mg/L, probably due to the formation of less reactive Cl 2˙− [57] . The similar inhibition effect of Cl − through the shift of HO˙ to Cl 2˙− was reported by Li et al. in 1,4-dioxane degradation by an UV/chloramine process [84] . On the contrary, Yin et al. reported that thiacloprid degradation was enhanced by addition of 0.2 M Cl − , whereas imidacloprid degradation was slightly inhibited [74] . They inferred that the difference in reactivity of thiacloprid and imidacloprid with Cl 2˙− brought the experimental results. In other researches on degradation of atrazine [85] , C.I. Reactive Red 2 [86] , and trimethoprim [21] by UV/chlorine AOPs, no positive and negative effect of Cl − was observed. Thus, Cl − effect is thought to depend on the reactivity of Cl 2˙− with pollutants.
When halide ions like bromide (Br − ) and iodide (I − ) are contaminated in water, they react with free chlorine as follows:
HOCl + X − → XCl + OH − (32)
where X: Br or I. Reaction rate constants of Br − and I − are reported to be 1.55-6.84×10 3 and 1.4×10 8 L/(mol·s) for reaction (32) and 1.32×10 6 and 3.5×10 11 L 2 /(mol 2 ·s) for reaction (33) , respectively [58] . Thus, heavier halide ion consumes free chlorine and produces hypohalite more rapidly. Hypohalites produced further scavenge HO˙ as follows:
HO˙ + BrO − → BrO˙ + OH − (k = 4.5×10 9 L/(mol·s) [87] )
HO˙ + HOBr → BrO˙ + H 2 O (k = 2.0×10 9 L/(mol·s) [88] ) (36) HO˙ + HOI → HOIOH˙ (k = 7×10 9 L/(mol·s) [89] ) (37) Halide ions also react with HO˙ as follows:
Reaction rate constants of reaction (38) are 1.06×10 10 and 1.1×10 10 L/(mol·s) for Br − and I − , respectively [24, 90] . Although reaction rate constants of Cl˙ and halide ions are not reported, following Br − and I − oxidation by Cl˙ is expected, because standard electrode potentials of Br˙ and I˙ are lower than Cl˙; 1.75-2.20 V vs. NHE for Br˙ and 1.27-1.42 V vs. NHE for I˙ [15] .
Consequently, halide ions and hypohalites act as scavengers of free chlorine and radicals, and thereby may deteriorate the performance of UV/chlorine AOPs. In fact, inhibitions of thiacloprid and iohexol degradation by Br − were observed [74, 91] . Zhao et al. reported that Br − addition to an UV/chlorine reactor significantly lowered the steady state HO˙ concentration at pH 6.5, though the lowering effect of Br − on HO˙ concentration was insignificant at pH 8.5 [92] . Although they did not show the reason of the pH dependency of experimental results, free chlorine consumption by BrCl formation through reactions (32) and (33) will be possible. Because the reaction rate constant of ClO − with Br − is reported to be 9×10 −4 L/(mol·s) that is much smaller than the rate constant of reaction (32) for Br − [58] . Thus, halide ion contamination should be heeded in UV/chlorine AOPs, especially under acidic condition. It should be noted that Br − addition sometimes enhance degradation rates of pollutants that are reactive with reactive bromine species (RBS) like bromine (Br 2 ), bromine atom (Br˙), dibromine radical (Br 2˙− ), bromine oxide radical (BrO˙), and chlorine bromide anion radical (ClBr˙−) [37, 93, 94] .
BrO˙ is produced by reactions of free bromine and RCS in addition to reactions (35) and (36) , and produces unfavorable bromate ion (BrO 3 − ) through the similar mechanism of chlorate formation as shown in Fig. 6. Fang et al. reported that the formation of BrO 3 − is enhanced with the increases in UV fluence and pH [95] . The enhancement effect is stronger in UV-A irradiation than in UV-C irradiation due to the longer absorption peak wavelength of free bromine than that of free chlorine. Thus, Br − contamination is problematic in BrO 3 − formation in addition to the inhibition by scavenging HO˙ and RCS. 
Effect of alkalinity
CO 3˙− + H + ↔ HCO 3˙ (pK a = 7.9-9.6 [25] )
CO 3˙− produced consumes free chlorine as follows:
Thus, alkalinity may inhibit UV/chlorine AOPs through scavenging reactive radical species and free chlorine. Inhibition of UV/chlorine AOPs by alkalinity was reported in many papers on degradation of benzoic acid [16] , caffeine [31] , carbamazepine [83] , diethyltoluamide [31] , diuron [55] , iodoform [76] , metronidazole [31] , nalidixic acid [31] , and phenacetin [54] . But, alkalinity had no or negligible inhibition effect on degradation of atrazine [85] , C.I. Reactive Red 2 [86] , clofibric acid [57] , imidazole [74] , naproxen [40] , thiacloprid [74] , and trimethoprim [21] . Since the standard electrode potential of CO 3˙− was reported to be 1.59 V vs. NHE [17] , it is expected to be a selective oxidant. Accordingly, the difference in alkalinity effect on degradation of pollutants depends on the reactivity of CO 3˙− with pollutants. Yin et al. reported that the inhibition effect of bicarbonate on imidazole and thiacloprid degradation was slight, because reactive CO 3˙− produced compensated for the loss of HO˙, Cl˙, and Cl 2˙− [74] . Pan et al. also pointed out that CO 3˙− produced contributed to the naproxen degradation to compensate for the loss of HO˙ [40] . Guo et al. showed that steady-state concentrations of HO˙, Cl˙, and Cl 2˙− decreased in the presence of 1 mM bicarbonate, whereas CO 3˙− concentration increased and reached 3-6 orders of magnitude higher than those of HO˙ and Cl˙ [23] . These reports suggest the importance of CO 3˙− reactivity on understanding alkalinity effect.
Effect of natural organic matter (NOM)
Dissolved organic matter in aquatic systems originates from various sources. Some is transported from the surrounding landscape, is discharged by human activities, and is created in situ through microbial activity [98] . Organic matter supplied into the water body is affected by physicochemical and biochemical actions, and consequently its labile fraction is decreased. The residual stable fraction is thought to be mainly composed of fluvic acids. Natural organic matter contains aromatic C=C, methoxyl (-OCH 3 ), carboxylic, alcoholic, phenolic, and ketonic functional groups, etc [99] . But aquatic NOM has smaller elemental contents in carbon and nitrogen and higher ones in oxygen and sulfur than soil humic acids, and its aromaticity is lower than that of soil humic acids [99] . Although NOM is relatively stable, it easily reacts with HO˙ and RCS. Accordingly, it will inhibit the degradation of pollutants by scavenging HO˙ and RCS. Furthermore, since aquatic NOM absorbs UV and visible lights at a wavelength less than 500 nm [100] , it will also lower the degradation rate of pollutants by shielding free chlorine and pollutants from UV light. Inhibition of UV/chlorine AOPs by NOM addition was reported in many papers on degradation of atrazine [85] , bezafibrate [37] , caffeine [31] , carbamazepine [51] , diethyltoluamide [31] , diuron [55] , gemfibrozil [37] , iodoform [76] , metronidazole [31] , nalidixic acid [31] , phenacetin [54] , and trimethoprim [21] . Kong et al. reported that the inhibition of clofibric acid degradation by 1 mg-C/L of NOM was not observed, whereas the degradation of bezafibrate and gemfibrozil were clearly inhibited [37] . In their research, NOM reduced the contribution of RCS to degradation of bezafibrate and gemfibrozil and did not change the contribution of HO˙. Since clofibric acid was not decomposed by RCS, NOM did not affect its degradation. Wu et al. also reported that scavenging effect of NOM on RCS + CO 3˙− was higher than that on HO˙ [31] . Guo et al. estimated the steady-state concentration of HO˙ and RCS in the presence of 1 mg-C/L of NOM, which elucidated that NOM lowered ClO˙ concentration more strongly than those of HO˙, Cl˙, and Cl 2˙− [23] . As a result, ClO˙-reactive PPCPs like caffeine, carbamazepine, and gemfibrozil were strongly affected by the addition of NOM, but the degradation rates of ClO˙-unreactive PPCPs like ibuprofen, metronidazole, ronidazole, and ormidazole were not decreased [23] . These reports suggest that NOM influences the performance of UV/ chlorine AOPs by scavenging RCS, especially ClO˙.
Effect of UV light source
Low pressure mercury vapor UV lamps (LP-UV lamps) are widely used as an UV light source for UV/chlorine systems. In addition to LP-UV lamps, a variety of UV lamps are commercially available like medium pressure mercury vapor UV lamps (MP-UV lamps), excimer lamps (excimer-UV), and UV light-emitting diodes (UV-LED). Moreover, solar radiation is also discussed as a light source for UV/chlorine AOPs in a few researches.
LP-UV/chlorine process
The mercury pressure of LP-UV lamps is typically of the order of 1 Pa, where re-absorption of emitted light is weak [101] . Accordingly, the radiation spectrum of a low pressure mercury plasma is dominated by the two ground state resonance lines at 254 and 185 nm with the ratio of resonance line intensities of about 1:5 [101] . However, available radiations from a LP-UV lamp depend on its envelope material. The preferable envelope material is fused quartz, which transmits more than 85% and 50% or less of UV lights at 254 and 185 nm, respectively [102] . If 185 nm radiation is unnecessary, soft glass (sodium-barium-glass) is available, which transmits more than 80% of UV light at 254 nm, but cuts off 185 nm light [102] . Two papers have been published, in which effect of vacuum UV light (VUV light at 185 nm) emitted from LP-UV lamps on UV/chlorine AOPs was discussed [103, 104] . Li et al. discussed methylene blue degradation using a VUV-emitted and VUV-free LP-UV/chlorine systems [103] . Although the photon fluence of the VUV light only accounted for 5.6% of that of the UV light at 254 nm in their system, the VUV-emitted LP-UV/chlorine process enhanced methylene blue degradation rate more than 2.5 times of that of the VUV-free LP-UV/chlorine process. Moreover, the degradation rate observed in the VUV-emitted LP-UV/ chlorine process was >1.6 times higher than the sum of the degradation rates by direct VUV photolysis and the VUVfree LP-UV/chlorine reactions. They mentioned that the synergistic effect of VUV radiation on UV/chlorine system was mainly ascribed to the effective use of HO˙ for methylene blue removal through formation of longer-lived secondary radicals like ClO˙ produced by reaction R 1 in Table 1 . The research group of Li et al. also discussed sulfamethazine degradation using the same system and observed similar results, namely >1.6-times higher degradation rate by the VUV-emitted LP-UV/chlorine process than the sum of those by the controls [104] .
MP-UV/chlorine process
The mercury pressure of MP-UV lamps is in the range of 100-600 kPa, which is much higher than that of LP-UV lamps, which leads to a continuous radiation spectrum mainly composed of broadened and partly self-absorbed resonance lines [102] . Since ClO − has a larger molar extinction coefficient around 300 nm than that at 254 nm (Fig. 2) , MP-UV lamps may efficiently photolyze free chlorine, especially at a basic pH. Wang et al. applied a MP-UV/chlorine process to trichloroethylene degradation [105] . As a result, the fluence-based decay rate of free chlorine was enhanced with the increase in pH and was much higher than that of H 2 O 2 . However, the MP-UV/chlorine process at pH 7.5 and 10 had smaller fluence-based decay rates of trichloroethylene than the MP-UV/H 2 O 2 process, whereas the former was superior to the latter at pH 5. As is mentioned in "Effect of pH" section, ClO − is a stronger radical scavenger than HOCl. Therefore, the enhancement of radical scavenger effect at a basic pH was thought to lead to the decrease in trichloroethylene degradation performance of the MP-UV/chlorine process. Kedir et al. compared a MP-UV/chlorine system with a LP-UV/chlorine one on the degradation of methyl tertiary butyl ether [106] . Although the UV fluence of the LP-UV lamp was only about one eighth of that of the MP-UV lamp, more than 99% removal of 1000 ppb methyl tertiary butyl ether was achieved with the both systems. However, the LP-UV/chlorine system was more than 13.6 times superior to the MP-UV/chlorine system on energy efficiency. The highest UV peak of MP-UV lamp was 365 nm that is not effectively absorbed by free chlorine as shown in Fig. 2 . Therefore, the energy efficiency of the MP-UV/chlorine system would be much lower than that of the LP-UV/chlorine system. A comparison study on UV-C at 254 nm and UV-A at 365 nm for UV/chlorine AOPs also revealed that UV-A is less effective than UV-C [56] . Thus, the use of MP-UV lamps is not recommended in UV/chlorine AOPs.
Excimer-UV/chlorine process
Excimer lamps use an emission from excited dimer, namely excimer. Commercially available excimer lamps emit quasi-monochromatic radiation at 126 nm (Ar 2 *), 146 nm (Kr 2 *), 172 nm (Xe 2 *), 222 nm (KrCl*), or 308 nm (XeCl*) [107] . Radiation efficiencies of excimer lamps are reported to be <18% [101] . There is no report on excimer-UV/chlorine AOPs. However, since it was reported that VUV-emitted LP-UV/chlorine processes has a synergistic effect on pollutants removal compared with VUV-free LP-UV/chlorine process and VUV photolysis [103, 104] , excimer lamps using Ar 2 *, Kr 2 *, or Xe 2 * may enhance the performance of UV/chlorine AOPs. A XeCl* excimer lamp is another candidate of an UV light source for UV/chlorine AOPs at a basic pH, because emission spectrum of XeCl* excimer lamp accords with the absorption peak of ClO − (Fig. 2) and unavailable longer UV light is not radiated.
UV-LED/chlorine process
UV-LED is a newcomer of UV light source for water treatment filed. The emission wavelength of UV-LED depends on semiconductor structure and composition. Nowadays, UV-LEDs with emission wavelength of 210-365 nm using AlGaN structures with different composition are commercially available at research grade and in limited quantities [108] . Kwon et al. compared a 275 nm UV-LED/chlorine process with a LP-UV/chlorine process and indicated that the 275 nm UV-LED/chlorine system had higher radical yields at pH 7 and 8 than the LP-UV/chlorine system due to the higher ε of ClO − at 275 nm than that of HOCl (Fig. 2) [109] . Wang et al. discussed the use of UV-LEDs with emission wavelength of 285 and 310 nm for UV/chlorine AOPs [110] . The UV-LED/chlorine processes showed one-order higher carbamazepine degradation rates than UV-LED/H 2 O 2 processes. UV-LED with 285 nm was slightly superior to that with 310 nm, probably due to higher ε at 285 nm compared with at 310 nm (Fig. 2) . The electrical energy per order reduction of pollutant (EE/O) of UV-LED/chlorine AOPs was 1.5-1.6 kWh/(m 3 ·order), which was less effective than that of LP-UV/chlorine AOPs due to lower emission efficiencies of UV-LEDs (ca. 2%) than LP-UV lamps (30-40%) [110] . Thus, a further progress in UV-LED technologies will be required for practical application of UV-LED for UV/chlorine AOPs.
Solar/chlorine process
Solar radiation has a radiation spectrum mainly in the range of 300-2400 nm and UV radiations energy (<400 nm) accounts for 8% of total extraterrestrial radiation [111] . Although about a half of them is not available to photolyze ClO − , ClO − -sensitive extraterrestrial solar radiation is about 50 W/m 2 outside the earth. Thus, the solar radiation seems to be applicable to chlorine photolysis. Solar/chlorine AOPs are discussed in a few papers. Chan et al. performed methylene blue and cyclohexanoic acid degradation with a solar/chlorine process at pH 10 and observed pseudo first-order degradation constants of 5.15×10 −3 s −1 for 0.039 mM methylene blue and 3.75×10 −4 s −1 for 0.23 mM cyclohexanoic acid [82] . Shu et al. applied a solar/chlorine process for oil sands process-affected water remediation [73] . The solar/ chlorine process in the chlorine dose of 200 or 300 mg/L was successfully removed 75-84% of initial naphthenic acids (21.6 mg/L) for 7 h. However, since only a few experimental runs were performed in these researches, a further research will be required for optimizing the process. In the effect of visible light on pollutants degradation Izadifard et al. discussed chlorination combined with blue light irradiation at 440 nm from blue-LEDs (B-LED/chlorine process) [112] . Although free chlorine does not absorb the blue light, Swannee River fluvic acid solution was decolorized by the B-LED/ chlorine process, while chlorination in dark was less effective in decolorization and direct B-LED photolysis was not observed. They postulate that fluvic acid photochemically excited by blue light reacted with free chlorine. The similar mechanism may also contribute to pollutants degradation by solar/chlorine processes.
The formation of DBPs during a solar/chlorine process was discussed by Young et al. [113] . The solar/chlorine process was found to yield depletion of dissolved organic chromophores and fluorophores, preferential removal of phenolic groups, and degradation of larger humic substances to smaller molecular weight compounds. However, it produced higher levels of DBPs like trihalomethanes (THMs) and HAAs than dark chlorination due to co-exposure of dissolved organic matter (DOM) to free chlorine and reactive species generated by free chlorine photolysis. Consequently, they commented that application of solar/chlorine processes would require careful attention to potential impacts on DBP formation.
Comparison with other UV-based AOPs
There are various UV-based AOPs like UV-photolysis of hydrogen peroxide (UV/H 2 O 2 ), ozone (UV/O 3 ), and persulfate (UV/S 2 O 8 2− ). The primary radicals produced by these AOPs are different one another. Hydrogen peroxide is photolyzed by UV <310 nm and produces two HO˙ (Eq. (48)) [114] , whereas persulfate ion is photolyzed through a simple O-O bond scission and produces two sulfate radical (SO 4˙− ) (Eq. (49)) [115] .
The radical production mechanism of UV/O 3 is more com- [14] .
Consequently, overall reactions of radical production by UV/O 3 can be summarized as follows:
Thus, the differences in primary radical species and stoichiometric ratio of original oxidant to radical produced will bring a different impact on advanced oxidation performance.
Many comparison studies of UV/chlorine and UV/H 2 O 2 have been reported. Part of them are summarized in Table 4 . Although degradation performances depend on target pollutants, degradation rate constants of UV/chlorine are usually equivalent to or higher than those of UV/H 2 O 2 , especially at neutral or acidic pH. The decline in degradation performance in alkaline region is owing to the shift of free chlorine species from HOCl to ClO − , which decreases the quantum yield of free chlorine and enhanced the scavenger effect on HO˙ and Cl˙ as described in the section "Effect of pH". Some researchers discussed the key radical species in UV/chlorine and UV/H 2 O 2 and concluded that HO˙ is a main contributor in UV/H 2 O 2 , but CO 3˙− and RCS like ClO˙ play important roles in UV/chlorine [40, 116, 117] . In addition, contributions of RBS like Br˙ and Br 2˙− to PPCPs degradation in UV/chlorine AOPs are also pointed out, when Br − is contaminated [117] . Thus, reactivity of pollutant with secondary radicals like CO 3˙− and ClO˙ will influence the relative performance of UV/chlorine against other UV-based AOPs. Base on the reported information shown in Table 4 , the electric energy and the chemical cost of UV/chlorine seem to be generally lower than those of UV/H 2 O 2 required for achieving the same effluent water quality.
There is limited information on a comparison of UV/chlorine with UV/O 3 . Hurwitz et al. discussed phenol degradation by UV/H 2 O 2 , UV/O 3 , and UV/chlorine with continuous anodic oxidation of Cl − (UV/electro-chlorine) [72] . As a result, UV/O 3 showed a higher mineralization rate (0.40 h −1 ) than UV/electro-chlorine (0.38 h −1 ) and UV/H 2 O 2 (0.32 h −1 ), whereas the electric energy per an order reduction of pollutant (EE/O) of UV/O 3 was the worst of the three; 189, 122, 104 kWh/(m 3 ·order) for UV/O 3 , UV/H 2 O 2 , and UV/electrochlorine, respectively. The higher mineralization rate by UV/ O 3 is thought to be owing to direct oxidation of phenol by ozone, because phenol is easily oxidized by ozone with a second-order reaction rate constant of 1.3×10 3 L/(mol·s) [25] . The EE/O of UV/electro-chlorine is higher than that of UV/ chlorine due to the electric power consumption by anodic oxidation of Cl − . It should be noted that UV/electro-chlorine showed the lowest EE/O of the three regardless of disadvantage of the energy consumption for chlorine production.
Some papers dealt in the comparison of UV/chlorine with UV/S 2 O 8 2− . The literature information is summarized in Table 5 . Among five literatures in Table 5 two papers demonstrate the lower degradation performance of UV/ chlorine than that of UV/S 2 O 8 2− and the rest of three show the higher performance of UV/chlorine. Thus, UV/chlorine has advanced oxidation potential at least similar to UV/S 2 O 8 2− , though the performance strongly depended on reactivity of target pollutant with reactive radical species. Varanasi et al. pointed out that primary oxidation in UV/S 2 O 8 2− system is reactions of SO 4˙− with aromatic and olefinic structures and the reactivity of SO 4˙− with aliphatic acids and alcohols are lower than that of HO˙ and Cl˙ [118] . Furthermore, they also demonstrated that UV/S 2 O 8 2− system enhances the oxidation of CHNOS-containing compounds, but oxidizes CHNO-containing compounds less effectively than UV/ chlorine system. In 
PROCESS VARIATIONS UV/electro-chlorine process
Free chlorine is supplied by addition of chlorine chemicals like sodium hypochlorite in most of UV/chlorine processes. When the concentration of target pollutants is less than mg/L, the chemicals addition is feasible, because the chlorine dose is very low. However, when an UV/chlorine process is applied to industrial wastewater treatment, chemical oxygen demand (COD) is often in the range of several hundreds to several thousands mg/L. In such a case, chlorine supply by adding chlorine chemicals would not be feasible due to requirement of plenty of the chemicals. A countermeasure to this situation is on-site production of free chlorine by anodic oxidation of Cl − (Eq. (59-60)). Chlorine production by electrolysis is widely utilized in chemical industries [120] .
The introduction of continuous anodic oxidation of Cl − into an UV/chlorine process (UV/electro-chlorine) was firstly reported by Hurwitz et al. [72] . Typical UV/electro-chlorine reactors are shown in Fig. 7. Hurwitz et al. combined an UV-photochemical reactor with an electrochemical flow cell with a ruthenium oxide-coated titanium (Ti/RuO 2 ) anode ( Fig. 7 (a) ) and compared the developed UV/electro-chlorine process with UV/H 2 O 2 , UV/O 3 , and electro-oxidation using a boron-doped diamond anode (EL-BDD) on phenol degra-dation. The mineralization rate of phenol by EL-BDD was much lower than other processes, though EE/O of EL-BDD was the lowest of the four. The UV/electro-chlorine process was the most energy-efficient of the rest of three UV-based processes. Furthermore, the UV/electro-chlorine process decreased V. fischeri toxicity more rapidly than the EL-BDD process and produced byproducts of chloroform, total trihalomethane, dichloroacetic acid, trichloroacetic acid, total haloacetic acid, and perchlorate much less than the EL-BDD process.
Florêncio et al. applied a single-chamber UV/electrochlorine reactor with Ti/Ru 0.3 Ti 0.7 O 2 mesh anode to synthetic textile wastewater treatment ( Fig. 7 (b) ) [121] . The UV/ chlorine process enhanced COD and total organic carbon (TOC) removal rate from 73 and 62% in electro-oxidation alone to 86 and 92%, respectively, and successfully reduced the accumulation of organochlorine compounds.
In the UV/electro-chlorine process, the solution pH is elevated with the accumulation of free chlorine, because Eq. (59) inhibits the anodic oxidation of water (Eq. (61)) and thereby anodic proton production decreases.
As is previously described, UV/chlorine processes prefer acidic pH. Accordingly, an extreme increase in pH should be avoided. Kishimoto et al. introduced a reagent-free pH control system by switching on and off the electrochemical flow cell according to pH into an UV/electro-chlorine process for 1,4-dioxane degradation (Fig. 7 (c) ) [19] . When the 
UV/NH 2 Cl process
In some researches monochloramine (NH 2 Cl) substituted for free chlorine in UV/chlorine processes (UV/NH 2 Cl process), because chloramines contamination is expected in an application to swimming pool water and free chlorine is not preferable for a water reuse system with reverse osmosis membranes. The photolysis of NH 2 Cl by UV light was reported to be as follows [122] :
Amine radical (NH 2˙) produced further reacts with NH 2 Cl and molecular oxygen as shown in Fig. 8 [64, 84, 122, 123] .
An application of UV/NH 2 Cl process to 1,4-dioxane degradation revealed that Cl 2˙− and HO˙ mainly contributed to 1,4-dioxane degradation, and the reactivity of NH 2˙ was very limited [27] . Moreover, dissolved oxygen further decreased 1,4-dioxane degradation through the production of NO˙ that negligibly impacted 1,4-dioxane degradation.
Chuang et al. compared an UV/NH 2 Cl process with UV/ chlorine and UV/H 2 O 2 processes on 1,4-dioxane, benzoate, and carbamazepine degradation [124] . The quantum yield of radical generation by UV photolysis of NH 2 Cl was 0.20, which was lower than 0.62 for HOCl, 0.55 for ClO − , and 0.5 for H 2 O 2 . The degradation performance of UV/NH 4 Cl was similar to that of UV/H 2 O 2 for three targeted contaminants, and did not depend on pH ranging from 5.5-8.3. At pH 5.5, the UV/chlorine process was the most efficient for all three contaminants. However, the performances of UV/NH 4 Cl process on benzoate and 1,4-dioxane degradation were superior to those of UV/chlorine process at pH 7.0 and 8.3, likely due to more efficient radical scavenging by ClO − and HOCl. On the contrary, Wang et al. reported that an UV/NH 2 Cl process was less effective in removing residual organic matter in a used algal medium than UV/H 2 
UV/ClO 2 process
Chlorine dioxide (ClO 2 ) is an alternative disinfectant for water treatment, whose disinfection mechanism is thought to be disruption of protein synthesis of bacteria [127] , which is photolyzed by UV light and produces ClO˙, Cl˙, O ( 3 P), and O 2 as follows:
The quantum yields of reaction (69) and (70) were reported to be 0.045 and 0.10, respectively [128] . Sichel et al. compared UV photolysis of ClO 2 (UV/ClO 2 process) with UV/chlorine and UV/H 2 O 2 processes for 8 emerging contaminants [65] . Although the UV/ClO 2 process effectively degraded 17-aethinylestradiol, sulfamethoxazole, and dichlofenac, the degradation efficiency was equivalent to or much lower than that of UV/chlorine and UV/H 2 O 2 processes. The low quantum yield of ClO 2 for radical production and relatively low reactivity of ClO˙ compared with HO˙ and Cl˙ would result in the lower efficiency of UV/ClO 2 process. 
APPLICATIONS
UV/chlorine processes are newcomers in the field of advanced oxidation technologies. Accordingly, their application studies are not abundant very much. Published papers of UV/chlorine AOPs in real samples are listed in Table 6 . Only 4 researches are performed on a full or pilot scale, and others are done on a lab scale. Figure 9 shows the specifications of published papers of applied UV/chlorine processes. The most popular application field of UV/chlorine processes is water supply (drinking water + surface water) followed by wastewater treatment. The main target is the removal of organic matter like micropollutants and drinking water related targets of disinfection, DBPs control, and taste and odor control. The concentration level of micropollutants, DBPs, and taste and odor compounds is usually µM-order or less. Therefore, the applied chlorine dose usually remained ≤10 mg-Cl 2 /L, whereas 200-300 mg-Cl 2 /L of chlorine dose was applied to a solar-UV/chlorine experiment of oil sand process-affected water due to the higher contaminant concentration (21.6 mg/L) [73] . The ratios of chlorine dose to contaminants concentration in literatures were usually ≥10. Thus, the chlorine dose/contaminants ratio of 10 may be a guidepost for UV/chlorine AOPs application. The reported contact time of UV irradiation was widely varied from 6 s to 420 min. However, 6-40 s of contact time was applied in the full and pilot scale experiments [47, 48, 129] . Since the chlorine dose was relatively low, namely ≤10 mg-Cl 2 /L, a short contact time less than 1 min may be enough for UV/ chlorine AOPs.
The performance of UV/chlorine AOPs often lowers in real waters. For instance, the degradation rate of carbamazepine in a WWTP effluent was reported to be 29.8% lower than that in ultrapure water [83] . Javier Benitez et al. observed that degradation rates of three contaminants was dropped to 52-79% in a surface water and 25-60% in WWTP effluents compared with those in ultrapure water [75] . Dao et al. reported that the degradation rate of paracetamol in a tap water and in a surface water was 54 and 67% lower than that in deionized water, respectively, and the lower degradation efficiency of paracetamol in real waters resulted from higher concentrations of NH 4 + , Cl − , SO 4 2− , phosphate, inorganic carbon (e.g. HCO 3 − ), and especially DOM [81] . Among various solutes in real waters inorganic carbon and DOM are thought to be responsible for the inhibition effect, which act as radical scavengers and decrease the effective radical concentration available to react with contaminants [75, 83] . The latter also acts as oxidant consumer and often absorbs UV radiation, which inhibits the UV photolysis of free chlorine and contaminants by shielding. Other solutes like bromide ion will also inhibit the process as described in INFLUEN-TIAL FACTORS section, if they are contaminated.
In drinking water related applications the removal of PPCPs and odor compounds of geosmin and 2-methylisoborneol (2-MIB) is discussed by many researchers [20, 65, 75, [129] [130] [131] . However, DBPs formation has been also mentioned in the most of researches, because safety is critically important for drinking water. It was reported that DBPs such as THMs, HAAs, HANs, ClO 3 − , and BrO 3 − are produced by UV/ chlorine treatment and/or post-chlorination in drinking or surface water [47, 56, 65, 130, 131] . However, Sichel et al.
reported that THMs formation was much lower than the regulation and NDMA formation was not detected, when the residual chlorine after UV/chlorine treatment was quenched [65] . Pisarenko et al. also said that THMs formation did not differ from the control [56] . Although HAAs formation was enhanced by UV/chlorine treatment in comparison with chlorination alone, the formation was much lower than the regulation [56] . Full-scale experiments also demonstrated the THMs and HAAs formation by UV/chlorine treatment was similar to that by chlorination alone or UV/H 2 O 2 [47] . Watts et al. concluded that THMs and HAAs formation is not a problem in an UV/chlorine process at a chlorine dose <10 mg/L and a contact time <1 min [130] . Yang et al. investigated the formation potential of THMs, HANs, CH, HKs, and TCNM by post-chlorination after UV/chlorine treatment [131] . As a result, these DBPs formation potential by UV/ chlorine treatment was similar to that by UV/H 2 O 2 and the control. Thus, it seems that UV/chlorine processes do not enhance the DBPs formation very much. However, Wang et al. reported that DCAN and bromochloroacetonitrile were instantaneously produced during UV/chlorine treatment [47] . Therefore, further thorough investigations of DBPs formation may be required for water supply purposes.
CONCLUSIONS
Scientific papers on UV/chlorine AOPs have been rapidly increased from 2016 and their scientific and technological information has been steadily accumulated. In this paper, almost all of published papers on UV/chlorine AOPs are emergently reviewed for understanding the state of the art of these technologies.
The most popular UV/chlorine process is free chlorine photolysis using a low-pressure mercury vapor lamp (LP-UV/chlorine). It is no doubt that HO˙ and Cl˙ are primary [73] radicals produced by the UV photolysis of free chlorine. However, the advanced oxidation effect of UV/chlorine processes is not necessarily owing to these radicals alone. Secondary radicals such as Cl 2˙− and ClO˙ produced through chemical equilibriums and radical chain reactions take part in oxidative degradation of pollutants, and in some cases contributions of secondary radicals are mainly responsible for pollutants degradation in UV/chlorine system. Accordingly, understandings of reactivity of RCS with target pollutants will be required for an effective application of this technology to actual water treatment. Since RCS are produced in UV/chlorine system, unfavorable byproducts formation is apprehended. There are many reports on DBPs formation during UV/chlorine processes. Part of them showed the increase in DBPs formation during UV/chlorine treatment but others demonstrated the reverse results. However, based on application researches in real waters, it seems that UV/ chlorine AOPs do not enhance DBPs formation very much in comparison with chlorination, when the processes are optimized. The performance of UV/chlorine AOPs are influenced by pH, chlorine dose, halide ions, alkalinity, and NOM. Alkalinity and NOM is common inhibitors for AOPs, and UV/chlorine AOPs receive negative impacts by them too. Acidic pH is usually favorable to UV/chlorine AOPs due to three mechanisms: a change in quantum yield of chlorine photolysis, equilibrium shifts of radical species, and a higher radical scavenging effect of ClO − than that of HOCl. The influence of halide ions depends on the reactivity of secondary radicals with target pollutants. In most cases, bromide ion contamination deteriorates the advanced oxidation performance due to less reactivity of bromine-based radicals than that of RCS. Comparative studies revealed that UV/chlorine AOPs are usually more energy-efficient than UV/H 2 O 2 and UV/S 2 O 8 2− processes, especially when UV/chlorine AOPs are operated under acidic conditions. In addition to LP-UV/ chlorine, various process derivatives have been developed, which introduce a substitute light source like MP-UV, excimer-UV, UV-LED, and solar radiation, an onsite chlorine production system using electrolysis, or a chlorine substitute like NH 2 Cl and ClO 2 into the UV/chlorine system. The derivatives are expected to expand the application area of UV/ chlorine AOPs.
In conclusion, UV/chlorine processes are promising AOPs in their potential abilities on pollutants degradation, higher energy efficiencies, and a low barrier to their installation in practical processes due to well-established unit operations of UV irradiation and chlorination, whereas DBPs formation should be checked prior to each practical application. Furthermore, it is desired to develop and optimize a whole process combined with other unit processes for maximizing benefits in water treatment in the future.
